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Abstract: Millions of people rely on active pharmaceutical ingredients (APIs) to prevent and cure a wide variety of illnesses in
humans and animals, which has led to a steadily increasing consumption of APIs across the globe and concurrent releases of
APIs into the environment. In the environment, APIs can have a detrimental impact on wildlife, particularly aquatic wildlife.
Therefore, it is essential to assess their potential adverse effects to aquatic ecosystems. The European Water Framework
Directive sets out that risk assessment should be performed at the catchment level, crossing borders where needed.
The present study defines ecological risk profiles for surface water concentrations of 8 APIs (carbamazepine, ciprofloxacin,
cyclophosphamide, diclofenac, erythromycin, 17α‐ethinylestradiol, metformin, and metoprolol) in the Vecht River, a
transboundary river that crosses several German and Dutch regions. Ultimately, 3 main goals were achieved: 1) the geo‐
referenced estimation of API concentrations in surface water using the geography‐referenced regional exposure assessment
tool for European rivers; 2) the derivation of new predicted‐no‐effect concentrations for 7 of the studied APIs, of which 3 were
lower than previously derived values; and 3) the creation of detailed spatially explicit ecological risk profiles of APIs under
2 distinct water flow scenarios. Under average flow conditions, carbamazepine, diclofenac, and 17α‐ethinylestradiol
were systematically estimated to surpass safe ecological concentration thresholds in at least 68% of the catchment's
water volume. This increases to 98% under dry summer conditions. Environ Toxicol Chem 2021;00:1–15. © 2021 The
Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC
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INTRODUCTION
The discovery and manufacture of active pharmaceutical

ingredients (APIs) have prompted human and veterinary med-
icine to a modern era. Many health care and agriculture food
production systems around the globe rely on APIs to prevent
and cure a wide variety of illnesses in humans and animals,

which has led to a sustained consumption of them (Klein et al.
2018). Next to the benefits of APIs, their widespread use has
also led to unintended consequences such as antimicrobial
resistance (Young 1993; Hernando‐Amado et al. 2019) and
environmental pollution (aus der Beek et al. 2016). The occur-
rence of APIs in the environment can have detrimental impacts
on wildlife (Shultz et al. 2004; Jobling et al. 2006; Saaristo et al.
2018). To guarantee a good surface water quality, it is essential
to assess potential adverse effects of APIs to aquatic ecosys-
tems. The corresponding legal framework comprises the
European Union's Water Framework Directive (European
Commission 2000) and the Priority Substances Directive
(European Commission 2008). These directives impose the
protection of water resources on European Union member
states, for example, by defining environmental quality
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standards (EQSs) for 45 priority substances. However, none of
these substances is an API. Instead, a limited set of APIs is
covered in a biennial watch list of water pollutants that should
be carefully monitored because of insufficient monitoring data
and concerns about their ecological impact. The Water
Framework Directive calls for a basin approach, moving away
from national risk assessments (Coppens et al. 2015; Vissers
et al. 2017) and complementing it with more detailed, in
some cases transboundary, catchment‐wide risk assessments.
Determination of the chemical status of a surface water within
the context of the Water Framework Directive relies on the
quantification of risk by integrating exposure and effect
assessments.

Exposure assessment can be based on measured environ-
mental concentrations (MECs), predicted environmental
concentrations (PECs) using chemical fate models or a combi-
nation of both. In the past 30 yr, a variety of models have
been developed to derive PECs for chemicals, such as ePiE
(Oldenkamp et al. 2018), iStream (Kapo et al. 2016), a con-
taminant fate model (Grill et al. 2016), PhATE™ (Anderson
et al. 2004), STREAM‐EU (Lindim et al. 2016), GLOBAL‐FATE
(Font et al. 2019), and the geography‐referenced regional
exposure assessment tool for European rivers (GREAT‐ER;
Feijtel et al. 1997; Kehrein et al. 2015; Lämmchen et al. 2021),
varying in complexity and geographical and temporal reso-
lution. The concentration gradient along a watercourse is
highly dependent on local socioeconomic and environmental
factors. Therefore, the degree of access to detailed local data
(e.g., pharmaceutical consumption patterns) and spatio-
temporal information (e.g., seasonal hydrological landscape) is
an important driver for the accuracy of exposure models at the
catchment level (Tiedeken et al. 2017; Oldenkamp et al. 2018;
Font et al. 2019).

A comprehensive effect assessment requires extensive
ecotoxicological information to derive safe concentration
thresholds for aquatic ecosystems, for example, predicted‐no‐
effect concentrations (PNECs) or EQSs. To optimize the accu-
racy of the assessment, it is common practice to gather all
available toxic effect data on a substance and select an ex-
trapolation method that matches the available data. Therefore,
the estimation and accuracy of useful PNECs is highly de-
pendent on up‐to‐date ecotoxicological data and requires
continuous revision to accommodate new evidence.

Riverine ecological assessments conducted in Europe and
elsewhere have recurrently found APIs and other emerging
pollutants to pose a potential risk to freshwater biota (Gómez‐
Canela et al. 2019). A main obstacle to modeling studies of API
residues in transboundary catchments is the restricted access
to detailed national and regional API‐specific consumption
data (Tiedeken et al. 2017). Additional obstacles include dif-
ferent national and regional water management strategies,
diverse wastewater treatment efficiencies, the heterogeneity of
the landscape, seasonal variation in environmental conditions,
and variable demographics (Popelka and Smith 2020).

The main aim of the present study was to construct eco-
logical risk profiles for surface water concentrations of 8 envi-
ronmental residues of APIs in the European transboundary

Vecht River, a river that crosses several German and Dutch
regions. Firstly, an exposure assessment was performed by the
applying the geo‐referenced model GREAT‐ER, which has a
good track record for predicting pharmaceutical PECs in river
catchments (Schowanek and Webb 2002; Capdevielle et al.
2008; Cunningham 2008; Hannah et al. 2009; Alder et al. 2010;
Aldekoa et al. 2013; Hanamoto et al. 2013; Zhang et al. 2015;
Archundia et al. 2018; Caldwell et al. 2019). Secondly, an effect
assessment was performed based on existing ecotoxicological
information. This information was used to determine PNECs by
incorporating recent test results. Finally, PECs and PNECs
were coalesced into ecological risk quotients (RQs) throughout
the Vecht River network under 2 distinct water flow condition
scenarios. This helps improve our understanding of the
risk posed by APIs to local freshwater communities and
advances the ability to evaluate and prioritize potential
(local) mitigation strategies before their implementation by
competent authorities (Government of The Netherlands 2019).

MATERIALS AND METHODS
Pharmaceuticals

Ecological risks were assessed for 8 selected APIs (Table 1).
These represent only a subset of APIs detected in the Vecht
River catchment (data not shown). The selection covers a wide
range of consumption patterns, therapeutic classes, chemical
properties, and levels of data availability (Supplemental Data).

Case study area
The study area comprises the catchment area of the German

and Dutch transboundary Vecht River, a tributary of the Dutch
IJssel River. The area is under the influence of diverse anthro-
pological stressors (e.g., treated wastewater emissions, water
level control via pumps and locks; Lulofs and Coenen 2007;

TABLE 1: Names, Chemical Abstracts Service numbers, Anatomical
Therapeutic Chemical codes, and therapeutic classes of the 8 active
pharmaceutical ingredients assessed in the present study

API CAS no. ATC code Therapeutic class

17α‐Ethinylestradiola 57‐63‐6 G03CA01 Sex hormones
Carbamazepinec 298‐46‐4 N03AF01 Antiepileptics
Ciprofloxacinb 85721‐33‐1 J01MA02 Antibacterials
Cyclophosphamide 50‐18‐0 L01AA01 Antineoplastics
Diclofenaca 15307‐86‐5 M01AB05 NSAID
Erythromycina 114‐07‐8 J01FA01;

QJ01FA01d
Antibacterials

Metforminc 657‐24‐9 A10BA02 Antidiabetics
Metoprolol 37350‐58‐6 C07AB02 Beta‐blockers
aSubstance excluded from the watch list under the Water Framework Directive
(Gomez Cortes et al. 2020).
bSubstance included in the watch list under the Water Framework Directive
(Gomez Cortes et al. 2020).
cCandidate substance suggested by individual member for inclusion for the next
watch list under the Water Framework Directive (Gomez Cortes et al. 2020).
dSubstance used in human and veterinary medicine.
API= active pharmaceutical ingredient; CAS=Chemical Abstracts Service;
ATC=Anatomical Therapeutic Chemical.
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Wöhler et al. 2020; Lämmchen et al., 2021). The catchment
extends over an area of approximately 6100 km². The total
length of the Vecht River itself amounts to 167 km, of which
approximately 107 km are located in Germany.

The German part of the catchment is located in the western
part of Lower Saxony and in small sections of North Rhine‐
Westphalia, comprising the smaller part of the total catchment
area with a share of 1800 km² (Figure 1). In Germany, the Vecht
is a medium‐sized river (long‐term annual average flow of ap-
proximately 18.5m³/s at the German–Dutch border) with many
small tributaries, for example, the Steinfurter Aa and the Dinkel.
The river system is still in an almost natural state in the German
regions (Lulofs and Coenen 2007), with a few canals (e.g.,
Ems‐Vecht Canal and the Nordhorn‐Almelo Canal) having
negligible influence on river flow. The German part is less
densely populated (160 inh/km2) than the Dutch part
(260 inh/km2) because only small towns such as Nordhorn and
Gronau (≈50 000 inhabitants) are located in this area. In total,
emissions from approximately 400 000 inhabitants connected
to 25 sewage treatment plants (STPs) enter the German Vecht.
In addition, the wastewater of 6 hospitals with approximately
1200 beds in total is treated by the STPs.

Approximately 4300 km² of the transboundary catchment
is located in The Netherlands, namely in the provinces of
Overijssel and Drenthe. This part of the catchment is highly
influenced by anthropogenic activities, which resulted in
canals, sluices, pumps, and river straightening (Lulofs and
Coenen 2007; Lämmchen et al., 2021). Larger cities with more
than 100 000 inhabitants are Enschede, Zwolle, and Emmen. In
total, more than 1 000 000 inhabitants are connected to 32
STPs, as are 7 hospitals with approximately 2000 beds in total.
The Zwarte Water River, a short prolongation of the Vecht River
and an inflow of the Zwarte Meer Lake, was integrated into the
model representation.

Environmental exposure assessment
The GREAT‐ER model was used to predict environmental

concentrations of the 8 case study APIs. The GREAT‐ER model
was originally developed to predict spatially explicit stationary
exposure concentrations of “down‐the‐drain” chemicals in
surface waters at the catchment level (Feijtel et al. 1997). The
model has been successfully applied to various chemicals in

FIGURE 1: Vecht River basin. Kilometer markers start at the confluence of the Vecht tributaries Burloer Bach and Rockeler Mühlenbach. STPs=
sewage treatment plants.
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different European catchments (Hüffmeyer et al. 2009; Alder
et al. 2010; Aldekoa et al. 2013; Kehrein et al. 2015). A detailed
description of the functions of the model and its latest ex-
tensions can be found in Kehrein et al. (2015; Lämmchen et al.,
2021). The model mainly consists of 3 components: the hy-
drological network, the emission model, and the fate model.
The hydrological network is the centerpiece of the GREAT‐ER
model. The water network is discretized into river segments
with a length of up to 2 km. Each segment carries a property
vector that is used to calculate the chemical's fate and con-
centration.

Exposure scenarios. The steady‐state model GREAT‐ER
represents a static hydrological situation over time. Two
different scenarios were set up for the hydrological network, a
low‐flow condition scenario (mostly dry periods in summer) and
an average‐flow condition scenario (Table 2). This allows for
considering the effect of the change of flow directions in some
parts of the network during dry periods caused by pumping
systems in the Dutch canals (Lämmchen et al., 2021).

Model parameterization. A key input parameter is the
consumption of APIs in the investigated area. It is well known
that consumption patterns sometimes vary between countries
and regions, which holds true for some of the investigated
compounds in The Netherlands and Germany (Table 3).
Regional sales data for the Vecht catchment from 2017 were
acquired for the regions in Germany and The Netherlands from
IQVIA Commercial GmbH & Co. OHG (IQVIA, Frankfurt am
Main, Germany, unpublished data) and the Dutch Foundation
for Pharmaceutical Statistics (SFK, The Hague, Netherlands,
unpublished data) at the postcode level (Supplemental Data,
Table S1). Data include pharmacy sales but not the amount
dispensed in hospitals, nursing homes, or by general practi-
tioners. Drugs sold over the counter are included in the
German data set but not in the Dutch data set. Annual pre-
scription data were divided by the population number in the
respective area, resulting in average per‐capita consumption
values (Supplemental Data, Table S1).

The contribution of hospitals was considered in terms of
a per‐bed application. This number was different for the
2 countries and was estimated from available prescription data
of selected hospitals on both sides of the border (Supple-
mental Data, Table S1).

Emission loads into the sewer system of an STP were
estimated by multiplying the per‐capita and per‐bed appli-
cation rates with the number of connected inhabitants or
hospital beds, respectively. Because most APIs are metabo-
lized after uptake, only the excreted fraction was considered
(Supplemental Data, Table S2). Metabolites such as glucur-
onides, which react back to the parent compound after
release into the sewer, were also included (Heberer and
Feldmann 2005).

A fraction of the excreted amount is removed during
wastewater treatment in STPs. In the Vecht River catchment, all
STPs are equipped with biological treatment with no additional
stage for further elimination of micropollutants such as ozona-
tion, ultrafiltration, or activated charcoal filtration. Although
removal efficiencies may depend on the specific operating
conditions (Verlicchi et al. 2012), equal removal efficiency for
each API in all STPs was assumed.

From a comprehensive literature search, removal efficien-
cies determined in STPs equipped with biological treatment
collected as composite samples (>24 h) were used to calculate
median values for the model simulations (Supplemental Data,
Table S4).

The estimated load in treated effluents is routed into the
receiving rivers at the respective discharge points. Cumulated
loads are propagated through the river network and used to
estimate spatially resolved API concentrations (PECs) through
division of the load by the respective river flow rate. In addition,
the fate model accounts for physicochemical loss processes
such as (bio)degradation, sedimentation, and photolysis.
Degradation via hydrolysis and dissipation via volatilization
were not accounted for because of their negligible influence on
APIs (Patel et al. 2019). A detailed overview of the para-
metrization of in‐stream processes is provided in Supplemental
Data, Table S5.

TABLE 2: Characteristics of the simulated low‐flow and average‐flow condition scenarios

Dry summer scenario Average condition scenario

Applicability Dry periods without rainfall between June and September Humid periods throughout
the year

Flow rate at the border (m³/s) 2.82 18.5
Flow rate at the Zwarte Water (m³/s) 11.31 63.45
Flow velocity at the border (m/s) 0.22 0.6
Flow velocity at the Zwarte Water
(m/s)

0.33 0.85

Pumping activity Yes No
Pumping description 120 d/yr between March and October (Netherlands) —

Pump power “Eefde” (Twente Canal;
m³/s)

1.6 (mean), 14 (maximum) —

Changes in flow direction Yes No
Twente Canal, Zijkanaal Almelo, Canal Almelo‐De Haandrik, and

several emerging smaller canals
—
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Model evaluation. The model performance was evaluated
stepwise by comparison of simulation results with monitoring
data for selected APIs in STP influents and effluents as well as at
selected river sites (Figures 2 and 3). A comprehensive de-
scription of the sampling strategy is provided elsewhere
(Heijnsbergen et al., unpublished manuscript). A brief overview
and details for the chemical analysis are provided in Supple-
mental Data, S1.1 and S1.2.

Two model performance quantitative measures were ap-
plied: median symmetric accuracy (ξ) and the symmetric signed
percentage bias (SSPB; Morley et al. 2018),

r
x

xi
i pred

i meas

,

,
= (1)

e% 100 1M ln riξ ( ) = × ( − )(| |) (2)

e sgn M rSSPB % 100 1 lnM r
i

ln i( ) = × ( − ) × ( ( ))|( ( ) | (3)

where ri is the ratio of the predicted/measured pair (e.g., loads),
xi pred, is the predicted value, xi meas, is the corresponding value
from the measurement data, M is the median function, sgn is
the sign function, and i is the index within a subgroup of all
predicted/measured pairs for a single compound, scenario,
country, sampling site, or a combination of these.

The median symmetric accuracy (Equation 2) is a measure of
central tendency that is robust to the presence of outliers and
resistant to data spanning several orders of magnitude. For the
scope of the present study, we consider ξ values up to 100 and
up to 200% as indicative of “good agreement” and “accept-
able agreement” between measurements and predictions, re-
spectively. Values of ξ> 200% indicate “poor agreement”
between measurements and predictions. A ξ= 100% indicates
that the median of the absolute ratios (|ri|) is 2 (i.e., 50% of
predicted values deviate from measured values by less than a
factor of 2). The symmetric signed percentage bias (Equation 3)
can be interpreted similarly to a mean percentage error, but it

TABLE 3: Relative percentage differences of prescribed per‐capita pharmaceutical masses in the Vecht River basin regional area, Germany and
The Netherlands

Regional‐to‐national (%) Germany‐to‐Netherlands (%)

Germany Netherlands Within region Between countries

17α‐Ethinylestradiol 12 –2 –75 –78
Carbamazepine –4 16 2 25
Ciprofloxacin 9 10 27 28
Cyclophosphamidea 33 n.a. n.a. n.a.
Diclofenac –2 –2 183 183
Erythromycin 56 –13 1594 853
Metformin –14 6 –26 –9
Metoprolol –8 22 –10 20

aCyclophosphamide is restricted to clinical use. The Dutch Foundation for Pharmaceutical Statistics only collects domestic pharmaceutical consumption. Therefore, no
cyclophosphamide is recorded for The Netherlands.
n.a.= not applicable.

FIGURE 2: Predicted and measured sewage treatment plant (STP) influent loads of 5 pharmaceuticals (with quantification frequency >90%) in
German STPs (n= 125) and Dutch STPs (n= 170). Dashed lines indicate the 1:3 and 3:1 ratios; dotted lines indicate the 1:10 and 10:1 ratios.
SSPB= symmetric signed percentage bias; DCF= diclofenac; CBZ= carbamazepine; MET=metformin; MEP=metoprolol; CIP= ciprofloxacin.
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penalizes underestimation and overestimation equally. Positive
values indicate a tendency to overestimate predictions,
whereas negative values indicate a tendency to underestimate
predictions. In the present study, absolute values of SSPB up to
50, 100, and 200% were considered as an indication of “small,”
“medium,” and “large” overestimations or underestimations,
respectively. Absolute values >200% were considered “very
large” overestimations/underestimations. An SSPB= –50% in-
dicates that the median of relative ratios (ri) is 50% lower in the
predictions compared to measured data. This implies that 50%
of the predicted values underestimate the measurements by at
least a factor of 1.5.

Predictions of STP emissions were evaluated on a load‐
based approach. Measured concentrations in STP influent and
effluent were multiplied with the annual discharge of the cor-
responding STP and compared to model predictions. The APIs
with a quantification frequency <90% were evaluated semi-
quantitatively. Concentrations below the limits of quantification
(LOQ) were processed as LOQ in the evaluation approach
because they are expected to be close to the LOQ value as a
result of the high quantification frequency.

Surface water PECs were evaluated using the “benchmark”
concept, according to Kunkel and Radke (2012), with which
concentrations of individual APIs are normalized to the con-
centration of a conservative tracer or reference. Thereby, river
flow variations can be excluded from the evaluation process.
Carbamazepine was selected as the conservative reference
compound because of its persistence in the environment
(Aminot et al. 2016). Benchmark ratios from the monitoring
data could only be calculated if the concentration of the
reference (carbamazepine) and that of the respective target API
were above the LOQ. To provide a reliable baseline for
this approach, predicted carbamazepine concentrations
were evaluated by comparison with measured concentrations
(Supplemental Data, S1.3).

Environmental effect assessment
Search strategy. Aquatic ecotoxicity data were compiled
without restrictions from the following databases: ECOTOX
Knowledgebase (US Environmental Protection Agency 2019),
e‐toxBase (Posthuma et al. 2019), Wikipharma (Molander et al.
2009), FASS (Trade Association for the Research‐Based Phar-
maceutical Industry in Sweden 2019), iPiESum (Innovative
Medicines Initiative 2019), and the EU WRC report (Johnson
and Harvey 2002). To further supplement collected data, a lit-
erature review was performed by searching the Web of Science
platform in March 2019 (Supplemental Data, Table S11). The
search was restricted to publications from 2016 or later to
capture information not covered by the other sources. The
search returned 233 publications that were fully assessed.

Data extraction and harmonization. All relevant toxico-
logical information referring to the 8 APIs of interest was ex-
tracted from the databases. Additional toxicity data were
extracted from 40 publications identified in the public literature
search. The following relevant information was extracted and
compiled: substance name, Chemical Abstracts Service
number, taxon, species, life stage and living compartment of
the species tested, toxic effect, exposure type, exposure du-
ration, endpoint type, and endpoint value. This process

FIGURE 3: Predicted and measured sewage treatment plant (STP) effluent loads of 4 pharmaceuticals (with quantification frequency >90%) in
German STPs (n= 100) and Dutch STPs (n= 132). Dashed lines indicate the 1:3 and 3:1 ratios; dotted lines indicate the 1:10 and 10:1 ratios.
SSPB= symmetric signed percentage bias; DCF= diclofenac; CBZ= carbamazepine; MET=metformin; MEP=metoprolol.

TABLE 4: Number of ecotoxicological data entries per source in the
database compiled in the present study

Source Entries

ECOTOXbase 6510
Wikipharma 2802
e‐toxBase 779
Literature 455
iPiESum 270
EU WRC report 140
FASS 74
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resulted in an initial database with a total of 11 029 entries
(Table 4). The data were harmonized to guarantee their con-
sistency and usability, which included harmonizing the names
of species, toxic effects, exposure duration and types, end
points, and concentration units (Supplemental Data, S2).

Data selection. The information in the database was filtered
to obtain only relevant data for analysis. Only aquatic or sem-
iaquatic species were included. Entries referring to terrestrial
species, communities, sediment tests with no reported water
concentrations, or in vitro tests or with no single species name
specified were excluded from the analysis. Only population‐
relevant endpoints were selected, that is, those which can ad-
versely affect an organism's survival, ability to maintain its
population numbers, reproduction, development, growth, or
behavior. Effect endpoints with right/left‐censored values (i.e.,
<, >, ≤, ≥) were excluded. Similarly, identical effect entries
from the same original source were excluded. Toxicity values
for the same species and endpoint but originating from dif-
ferent studies were aggregated by taking the geometric mean
weighted by the number studies with identical endpoints. This
resulted in a final database containing 169 effect values usable
for further analysis.

Data reliability. To ensure that we only included reliable and
relevant toxicity studies in our assessment, all studies were
assigned a criteria for reporting and evaluating ecotoxicity data
(CRED) score (Moermond et al. 2016a). Studies classified as
unreliable (R3), unassignable reliability (R4), irrelevant (C3), or
unassignable relevance (C4) were excluded from further anal-
ysis. We preferably used classification scores from official
sources, such as the Dutch National Institute for Public Health
and the Environment and the German Environment Agency.
Alternatively, the authors (D.J. Duarte, R. Oldenkamp, and
A.M.J. Ragas) independently assigned CRED scores to critical
studies according to Moermond et al. (2016a) after evaluating
and discussing any inconsistencies (Supplemental Data,
Table S12). Exceptionally, experiments on 17α‐ethinylestradiol
without classifications from official sources were not evaluated
because of the extensive number of studies and additional
complexity of assessing the quality of ecotoxicological studies
testing endocrine‐disrupting effects; such an exhaustive as-
sessment was considered beyond the scope of the present
study.

PNECs. Two extrapolation methods for the derivation of
chronic PNEC values are typically used in effect assessment:
the species sensitivity distribution (SSD) and the assessment
factor (European Commission 2000, 2006). According to Eu-
ropean Union guidance, an SSD‐based PNEC requires a con-
siderable amount of data covering at least 3 trophic levels
(primary producers, plant‐eating animals, and predators), at
least 8 taxonomic groups, and at least 10 effect values (one per
species per substance). As for the assessment factor approach,
at least one short‐term median effective concentration from
each of the 3 trophic levels is the minimum requirement. Be-
cause the final database did not satisfy SSD data requirements

for the derivation of PNECs, only the assessment factor ap-
proach was implemented (Supplemental Data, Table S15). The
estimation of a PNEC using this deterministic approach was
done by dividing the lowest effect concentration by an as-
sessment factor, according to the European Union Water
Framework Directive guidance for deriving aquatic EQSs (Eu-
ropean Commission 2018). Depending on the available data,
this factor varies between 10 and 1000. A collection of PNEC
estimates from the literature and other sources was gathered
for comparison (Supplemental Data, Table S16).

Ecological risk
Predicted environmental concentrations and PNECs were

used to calculate a site‐specific RQ associated with each API
following the equation,

RQ
PEC

PNECs p
s p

p
,

,
= (4)

where RQs p, is the RQ at site s for pharmaceutical p, PECs p,

(µg/L) is the PEC at site s for pharmaceutical p, and PNECp

(µg/L) is the PNEC for pharmaceutical p.
Evaluation of PNEC exceedance was performed based on

the total river volume in the Vecht catchment and for the cu-
mulated flow length of the water bodies in the catchment.
Because of the steady‐state assumption of the GREAT‐ER
model, a constant water volume in the system is assumed for
each of the scenarios.

Pharmaceutical mixture risk was calculated based on the
conservative approach of concentration addition following the
equation,

RI RQs
i

n

s p
1

,∑=
=

(5)

where RIs is the risk index of a pharmaceutical mixture at site s,
RQs p, is the risk quotient at site s for pharmaceutical p, i is the
summation index, and n is the total number of APIs. The con-
centration addition approach tends to overestimate the mix-
ture risk of dissimilarly acting substances because it assumes a
similar noninteractive mode of action of all mixture compo-
nents. However, there is growing consensus on the pragmatic
and precautious utility of this approach in aggregating risks of
mixture components (European Commission 2012; Backhaus
2016; Posthuma et al. 2018; Hernandez et al. 2019; Kienzler
et al. 2019).

RESULTS AND DISCUSSION
Predicted surface water concentrations

Predicted carbamazepine concentrations were evaluated to
provide a reliable baseline for the benchmark approach (Sup-
plemental Data, S3). Because carbamazepine is consumed
equally throughout the year, evaluation can be performed
using all data without differentiation into the 2 exposure sce-
narios (see above, Exposure scenarios). Figure 4 shows an
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acceptable overall agreement between PECs and MECs
(ξ= 106%), with a tendency to being rather overestimated
(SSPB= 59%). Approximately 80% of the PEC and MEC data
differ by less than a factor of 3, so we conclude that carba-
mazepine provided a valid baseline for the application of the
benchmark approach (Supplemental Data, Figure S3).

The quantification frequency of erythromycin and cipro-
floxacin in the river samples was <10%. Cyclophosphamide and
17α‐ethinylestradiol were not analyzed at all because of the
expectation of very low concentrations far below the LOQ. Be-
cause all predicted concentrations of these compounds were
below the LOQ, qualitative agreement is given. Diclofenac,
metformin, and metoprolol concentrations were evaluated sep-
arately for the 2 exposure scenarios because of obvious seasonal

differences (see above, Exposure scenarios). Predicted and
measured benchmark ratios agreed well for both the average
condition scenario (ScnAC; ξ= 52%, SSPB= 10%) and the dry
summer scenario (ScnDS; ξ= 59%, SSPB= 45%), with approx-
imately 80% within the range of a factor of 3 (Figure 5).

Based on the successful model evaluation of PECs, simu-
lations for the entire Vecht River catchment were performed. In
the ScnAC, metformin, metoprolol, and carbamazepine had the
highest PECs at watercourses affected by upstream STPs,
with median concentrations of 0.19 (0.01–3.03), 0.07
(2 × 10–3–1.44), and 0.043 (2 × 10–3–0.84) µg/L, respectively.
Similarly, the highest median PECs in the ScnDS were 0.57
(0.01–19.43), 0.25 (4 × 10–3–4.08), and 0.18 (0.01–2.36) µg/L for
metformin, metoprolol, and carbamazepine, respectively. The
preceding median, minimum, and maximum PEC values ex-
clude river segments with a PEC of zero. In previous studies,
these APIs have been predicted or measured at similar con-
centration ranges in Dutch (Oosterhuis et al. 2013; Moermond
et al. 2020) and German (Scheurer et al. 2009; Meyer et al.
2016; Dusi et al. 2019) surface waters. Although metformin is
effectively transformed into guanylurea during wastewater
treatment (Oosterhuis et al. 2013), it exhibited the highest PEC
among the investigated APIs. This is a consequence of the high
consumption of metformin (twelfth highest defined daily
dosage [DDD] and seventeenth most frequently used in The
Netherlands; Dutch National Health Care Institute 2020) and its
relatively high excretion rate. The lowest PECs in watercourses
affected by STP effluents were exhibited by 17α‐Ethinylestradiol
and cyclophosphamide, with median concentrations in ScnAC of
0.02 (3× 10–4–0.82) and 0.37 (0.01–9.64) ng/L, respectively.
As for ScnDS, the concentrations for 17α‐ethinylestradiol and
cyclophosphamide were estimated at 0.05 (2× 10–4–0.99) and
1.17 (2× 10–4–756.98) ng/L, respectively. These results were in
line with the low consumption volumes of these APIs, despite a
considerable fraction being excreted.

FIGURE 4: Comparison of predicted and measured carbamazepine
concentrations in the Vecht catchment (n= 46) at monitoring sites
where reliable gauging data of the corresponding sampling day were
available (i.e., no change in flow direction, resulting in net flow rates of
0m³/s). Measured concentrations were adjusted to the flow rate used in
the simulations. Dashed lines indicate the 1:3 and 3:1 ratios; dotted
lines indicate the 1:10 and 10:1 ratios. SSPB= symmetric signed per-
centage bias.

FIGURE 5: Predicted and measured benchmark ratios of 3 pharmaceuticals at monitoring sites in the whole Vecht River catchment (average
condition scenario n= 80, dry summer scenario n= 81). Dashed lines indicate the 1:3 and 3:1 ratios; dotted lines indicate the 1:10 and 10:1 ratios.
SSPB= symmetric signed percentage bias; DCF= diclofenac; MET=metformin; MEP=metoprolol.
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Concentration profiles of the Vecht River main stream are
displayed in Figure 6 for the 8 APIs in the 2 exposure scenarios.
The factors that cause differences in the PEC profiles observed
along the main stream can be manifold and API‐dependent.
Erythromycin's low PECs in the Dutch regions coincide with the
Dutch population's lower consumption patterns compared with
their German counterparts. Persistent substances which are
equally consumed on both sites of the border, such as carba-
mazepine, show higher PECs in Dutch regions because of the
higher population density. Dilution ratios of treated effluent
after entering the river system are lower if more people are
connected to rivers with comparable flow rates. The effect of
dilution is also clearly visible in the PEC profiles of the 2 sce-
narios: dilution in ScnDS is approximately 10 times lower than in
ScnAC. Lower flow rates lead to higher residence times and
lower water levels in the river system, resulting in a larger
influence of dissipation processes in ScnDS than in ScnAC.
As a result, predicted summer concentrations of most APIs
(17α‐ethinylestradiol, carbamazepine, cyclophosphamide, er-
ythromycin, metformin, and metoprolol) were on average a
factor of 4 to 6 times higher than in ScnAC. Among the APIs
studied, ciprofloxacin was the compound most susceptible to
dissipation processes, namely via direct photolysis, resulting in
drastically lower PECs in ScnDS than in ScnAC. Diclofenac is also
prone to direct photolysis. This in combination with lower
consumption rates in The Netherlands helps explain the low
PECs downstream of the border in the ScnDS compared with
ScnAC.

PNECs
In the environmental effect assessment, there was a

clear disparity in data availability for different substances.
The lowest chronic PNEC was exhibited by 17α‐Ethinylestradiol
(3.6× 10–6 µg/L) and metformin the highest (440 µg/L).
We revised existing chronic PNECs of the 8 APIs, including
for diclofenac (0.01 µg/L), carbamazepine (0.02 µg/L), and

cyclophosphamide (125 µg/L; Figure 7; Supplemental Data,
Table S15), which were 2, 2.5, and 4.5 times lower than the
lowest PNECs reported previously in the literature or regulatory
documents (Supplemental Data, Table S16). These lower PNECs
give cause for concern regarding the environmental impact of
these APIs and indicate the need to revise proposed EQSs for
these APIs. For metoprolol and ciprofloxacin, the PNECs esti-
mated in the present study were 310 and 78 µg/L, which are 5
and 156 times the highest PNECs found in the literature, re-
spectively. It should be stressed that any PNEC can be strongly
affected by the accessibility of effect data, the thoroughness of
the search, and the quality assessment procedure (Henning‐de
Jong et al. 2009; Oelkers 2020). This is illustrated by a sugges-
tion we received from one of the anonymous reviewers, that is,
to include the study of Ebert et al. (2011) in the derivation of the
PNEC for ciprofloxacin. This is a critical study underlying the low
ciprofloxacin PNEC of 0.089 µg/L listed in Supplemental Data,
Table S16, yet it was not retrieved from any of the sources used

FIGURE 6: Predicted environmental concentrations of pharmaceuticals in the Vecht River main stream. The vertical black dashed line indicates the
Dutch–German border. MET=metformin; CBZ= carbamazepine; MEP=metoprolol; ERY= erythromycin; DCF= diclofenac; CYC= cyclo-
phosphamide; EE2= 17α‐ethinylestradiol; CIP= ciprofloxacin.

FIGURE 7: Predicted‐no‐effect concentrations (PNECs) from the
literature and derived in the present study. Salmon‐colored squares
indicate the PNEC values derived in the present study.
Light blue points indicate unique PNEC values found in the liter-
ature. CYC= cyclophosphamide; MET=metformin; MEP=metoprolol;
ERY= erythromycin; CBZ= carbamazepine; DCF= diclofenac; CIP=
ciprofloxacin; EE2= 17α‐ethinylestradiol.
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in the present study. It explains the large difference in derived
PNECs for ciprofloxacin observable in Figure 7 and illustrates
more generally that PNECs and risk assessment outcomes based
on the assessment factor approach are very sensitive to the ef-
fect data included in the assessment. Indeed, the differences in
PNECs for the same API derived by different agencies and as-
sessors range from a factor of 10 to almost 106 (Figure 7).
Keeping this range in mind, it is defendable to use an RQ of 0.1,
or even smaller, as a potential indicator of risk and as a trigger to
critically review and potentially improve the assessment proce-
dure. To account for uncertainty in the derivation of PNEC
values, an assessment factor of 50 was applied to diclofenac and
17α‐ethinylestradiol, whereas an assessment factor of 10 was
applied to carbamazepine, ciprofloxacin, cyclophosphamide,
erythromycin, metformin, and metoprolol. The use of a relatively
low assessment factor (instead of 100 or 1000) suggests that the
PNECs derived in the present study are not overly conservative.

Aquatic ecological risk
Single‐substance assessment. In the present study,
RQ< 0.1 indicates a reason for no concern in terms of chemical
pollution, 0.1 < RQ ≤ 10 indicates a potential reason for con-
cern, and RQ> 10 suggests a reason for serious environmental
concern. The specific boundary value(s) that qualifies as a
“reason for concern” is malleable, depending on the empirical
data that support it and personal values. In the present study,
we chose to acknowledge the uncertainties that blur the
meaning of this threshold (RQ= 1). Values of RQ> 1 can trigger
follow‐up measures, via either additional ecotoxicity testing or
the implementation of risk management measures (Posthuma
et al. 2019; Zhou et al. 2019).

In the present study, the PECs of 5 APIs were below their
safe thresholds (PNECs). However, the PECs systematically
exceeded PNECs in ascending order for diclofenac, carbama-
zepine, and 17α‐ethinylestradiol (Figure 8). This observation
holds for the average and dry summer scenarios, although risks

were considerably higher in summer because of reduced dilu-
tion under dry weather conditions. Diclofenac, carbamazepine,
and 17α‐ethinylestradiol exceeded the safe PNEC threshold in
at least 68 to 91% and 26 to 98% of the Vecht River catchment
surface water volume during average conditions and dry
summer conditions, respectively. In terms of the total flow
length of all water bodies, the same APIs exceeded their
PNECs in 31 to 38% and 24 to 53% during average conditions
and dry summer conditions, respectively (Supplemental Data,
Figure S4). In the average condition scenario, ciprofloxacin,
cyclophosphamide, erythromycin, metformin, and metoprolol
do not pose a concerning risk to the aquatic life (i.e., 93 to
100% of the water volume had RQ≤ 0.1). In the dry summer
scenario erythromycin showed concerning risk levels (RQ> 0.1)
in 17% of the catchment's water volume.

17α‐Ethinylestradiol exhibits the highest RQs despite
showing the lowest PECs overall, with 25 and 87% of the
catchment water volume showing concerning risk levels
(RQ> 10) in the average and summer scenarios, respectively
(Supplemental Data, Table S17). In the Dutch municipality of
Hengelo, 17α‐ethinylestradiol showed a local risk of serious
concern under average conditions in a small brook
(RQScnAC= 144), whereas under dry summer conditions the
risks were highest at local canals (<2 km) routing STP effluents
into larger streams and canals, for example, Bornse Beek
(RQScnDS≤ 274). This synthetic hormone has been shown to
particularly interfere with the endocrine system of fish and
amphibian species, affecting their development, reproduction,
growth, and, ultimately, ability to sustain a healthy population
(Supplemental Data, Table S15). Eight of the 10 most sensitive
species to ethinylestradiol identified in the present study are
fish. Notably, Gobiocypris rarus (commonly known as rare
minnow), a fish species endemic to China, is the most sensitive
species (Zha et al. 2008). However, Rutilus rutilus (commonly
known as roach) is a fish native to most European freshwaters
including the Vecht River and is similarly sensitive (Lange et al.
2009). One study assessed the effect of wastewater estrogen

FIGURE 8: Percentage of the Vecht River catchment water volume at risk of environmental pharmaceutical pollution. Vertical black dashed line
indicates the safe threshold, risk quotient= 1 (i.e., predicted environmental concentrations equal to the predicted‐no–chronic effect concentration).
In the average scenario, ciprofloxacin's risk quotients are <10–8; thus, they are not depicted. Each point depicts the relative water volume of a
segment of ≤2 km. In the dry summer scenario, concentrations of ciprofloxacin <10–8 are also not depicted. EE2= 17α‐ethinylestradiol; DCF=
diclofenac; CBZ= carbamazepine; ERY= erythromycin; MET=metformin; MEP=metoprolol; CYC= cyclophosphamide; CIP= ciprofloxacin.
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exposure on roach population density in 2 English rivers over
the span of a decade, finding no noticeable declines (Johnson
and Chen 2017). Another study analyzed the results of fish
samples over a period of 2 decades in German rivers and found
a decrease in fish population density, although it could not
attribute it to chemical pollution (Teubner et al. 2019). To our
knowledge, there are currently no indications that the roach is
subject to adverse effects in the Vecht River basin. Nonethe-
less, the results of the present study support the use of more
sensitive analytical techniques combined with accurately
modeled hotspots of estrogen pollution and fish species in the
Vecht River basin, including the roach. Furthermore, consid-
ering that the majority of the catchment was predicted to be
liable to serious environmental risk, chronic effects could be
triggered because continuous exceedance of an RQ of 1 is very
likely under the simulated scenarios. At catchment locations,
these exceedances can vary substantially, which can provide
an opportunity for motile organisms to avoid unfavorable
conditions or endure them for shorter exposure periods.

Carbamazepine exhibited the second highest RQs, with
90% of the catchment water volume showing concerning risk
levels (RQScnAC> 0.1; Supplemental Data, Table S17).
Throughout the catchment, carbamazepine showed its highest
risk (RQScnDS= 118, RQScnAC= 42) in a 7‐km tributary segment
under high‐effluent influence, located in the German munici-
pality of Bad Bentheim. Carbamazepine causes a variety of
toxicological effects at different taxonomic levels. The most
sensitive species include the insect Stenomena sp. (Jarvis et al.
2014), the crustacean Daphnia similis (Chen et al. 2019), the
algae Chaetophora sp. (Jarvis et al. 2014), and the fish Pime-
phales promelas (Thomas et al. 2012), for which carbamazepine
affects behavior, reproduction ability, or population survival. It
is unclear whether these species are present in the Vecht River,
but given carbamazepine's diverse ecotoxicological potential,
targeted monitoring of its concentration levels and the sensi-
tive Stenomena sp. could help determine whether adverse ef-
fects occur under field conditions.

Diclofenac exhibited the third highest RQs, with 90% of the
catchment water showing concerning risk levels (RQScnAC> 0.1;
Supplemental Data, Table S17). At the same location in the
German municipality of Bad Bentheim, diclofenac showed the
highest risk quotient (RQScnDS= 754, RQScnAC= 302). Provided
the high risk at this and other locations along the Vecht River
basin, toxicological effects on growth and development could
be expected on fish and algae. The most sensitive species
to diclofenac is the widespread invasive bivalve Dreissena
polymorpha, which may be indicative of the vulnerability of this
taxonomic rank (mollusks) and the trophic level it represents
(primary consumers). These freshwater mollusks provide es-
sential ecosystem services, are key elements of the food chain,
and play a major role in removing contaminants from high
volumes of water. At the regional and local scales, pharma-
ceutical pollution could exacerbate the impact on what is al-
ready the most threatened animal group in Europe (Cuttelod
et al. 2011).

In a Dutch governmental report, carbamazepine and
diclofenac have previously been identified as contaminants of

environmental concern to aquatic organism in The Netherlands
(Moermond et al. 2016b); and, in a revised iteration,
17α‐ethinylestradiol has also been identified as such, whereas
carbamazepine was no longer of concern (Moermond et al.
2020). The revised PNECs in the present study suggest that the
RQs of diclofenac and carbamazepine may be higher than
anticipated (underestimated RQ).

Exceptionally, erythromycin was also marginally predicted
to occur at concentrations above the PNEC in the Vecht River
catchment freshwater in a typical summer season (RQ= 1.8). In
the river's main stream, RQs were low (RQ< 0.1), particularly in
Dutch territory because of water dilution and lower con-
sumption. Furthermore, erythromycin's degradation in the
water column is not expected to be substantial because of the
limited residence time of APIs in the Vecht River main stream of
4 to 12 d for average and low‐flow conditions, respectively (Liu
et al. 2019; Li and Cui 2020). However, the unaccounted vet-
erinary use of erythromycin in the present study could elevate
the risks.

Metformin does not stand out from our risk profiling. How-
ever, metformin's main metabolite, guanylurea, is found in
surface waters in quantities of up to 50% of the administered
parent compound (Oosterhuis et al. 2013). Because guanylurea
has a lower PNEC (0.16 µg/L) than metformin itself (Caldwell
et al. 2019), risk assessment of metformin should include the
metabolite because it could pose a risk related to widespread
metformin application. The need to consider transformation
products in aquatic risk assessment has been stated by other
authors (Celiz et al. 2009; Han and Lee 2017).

Overall, 17α‐ethinylestradiol, carbamazepine, and diclo-
fenac may pose unacceptable environmental risks in at least
31% of the Vecht catchment flow length for average conditions.
This risk aggravates up to 53% during summer, affecting 1483
out of 2772 km of total flow length (Supplemental Data,
Figure S4). The average RQ increased consistently across APIs
by approximately 10‐fold between the average and dry
summer scenarios. However, the most striking changes in PEC
were observed at the confluence of polluted streams, effluent‐
dominated waters, or segments receiving STP effluents, with a
few instances in which treated effluent discharge contributed
up to 90% of the stream's volume. Other studies have also
observed that proximity to STPs can more heavily influence
pharmaceutical PEC than seasonality (Musolff et al. 2009;
Balaam et al. 2010; Vieno and Sillanpää 2014). Because of
human activity near the river source, API emissions result in
residue concentrations exceeding the PNEC as early as 20 km
downstream the Vecht River. In agreement with the present
study, diclofenac and carbamazepine have also been predicted
to display a high environmental risk in other European and
international rivers (Chaves et al. 2020; Palma et al. 2020). The
APIs with the highest RQs in the present study (17α‐
ethinylestradiol, carbamazepine, diclofenac, erythromycin)
have recently been removed from the Water Framework Di-
rective watch list, which may lead to losing sight of their eco-
logical impact despite their potential risk. This is also
emphasized by Burns et al. (2018), who identify these sub-
stances as common top‐priority APIs. In addition, a review on
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the development in the field of substances of emerging con-
cern over the previous 20 yr emphasizes the exceedance of
EQSs and the need for spatially explicit risk modeling ap-
proaches (Tiedeken et al. 2017). This review further supports
the usefulness of generating spatially explicit risk profiles as
conducted in the present study. Similar efforts open up the
possibility for stakeholders to comply with the Water Frame-
work Directive, starting with prioritizing APIs so that more re-
fined and locally relevant targeted risk‐management measures
can be applied successfully.

Substance mixture assessment. In the Vecht catchment, a
noticeable difference between the risk index in the average
scenario and the dry summer scenario was observed (Supple-
mental Data, Figures S5 and S6). In the dry summer scenario,
the mean risk index was estimated to be 3.4 times higher than
in the average condition scenario. Likewise, the maximum risk
indices were found in river segments of the Dutch municipal-
ities of Hengelo and Coevorden under average and dry
summer condition scenarios, respectively. This suggests that
periods of dry, warm weather conditions in the Vecht River
catchment may lead to risks to freshwater wildlife communities
above the risks estimated for average weather conditions.

In the Vecht River main stream (Figure 9), the predicted
cumulative risk in the polluted segments (i.e., risk index > 0)
ranges between 6 to 22 and 23 to 104 in the average scenario
and dry summer scenario, respectively. These risk index values
in the main stream are lower than observed elsewhere in the
catchment (Supplemental Data, Figures S5 and S6). However,
this emphasizes the sustained cumulative risk in the Vecht
River's main stream, particularly driven by diclofenac in the
German region and 17α‐ethinylestradiol in the Dutch region
(Figure 8).

Limitations
The present study embodies the ongoing attempt to predict

API concentrations in freshwater and the associated risk of
biological functional disturbance in regional ecosystems. De-
spite the advancements achieved, data scarcity, knowledge
gaps, and procedural limitations often hamper the accuracy
and significance of exposure and effect assessments. The
sources of variability and uncertainty that can affect PECs and

PNECs are manifold. The PEC can be affected by the excretion
rate, sampling method, analytical chemistry technique, un-
accounted point and diffuse emission sources, in‐sewer (bio)
transformation, disposal of unused medicine in the toilet, or
household wastewater (van Nuijs et al. 2015). For example,
there are uncertainties linked to the German consumption rate
of erythromycin, which seems to have been overestimated.
Furthermore, erythromycin and ciprofloxacin PECs are
associated with higher uncertainties because these were not
sufficiently detected in the Vecht water system to
allow for a corroboration with measurements. Similarly, the
accuracy of model predictions for cyclophosphamide and
17α‐ethinylestradiol could not be firmly determined because of
analytical limitations. Indeed, concentrations of these APIs in
surface water were often below their limits of detection and
quantification. This is particularly important for assessing the
risks associated with substances like 17α‐ethinylestradiol be-
cause of its very low safe PNEC. Therefore, under such ana-
lytical limitations, the crucial contribution of predictive models
is self‐evident. The sensitivity of derived PNECs to data avail-
ability (e.g., effect studies that are missed, differently quality‐
assessed, or newly performed) is a typical feature of the as-
sessment factor method. The alternative SSD method is less
affected by this phenomenon because it uses the 5th percentile
of the cumulative distribution function. As such, the sensitivity
of PNECs to data availability also partly relates to the strict
criteria on data availability that the European Union set for
applying SSDs.

CONCLUSION
The present study achieved 3 main goals: 1) estimation of

API surface water concentrations using the GREAT‐ER model in
the Vecht catchment; 2) derivation of new safe ecological
threshold concentrations for 8 APIs, of which 3 were the lower
than found in the literature; and 3) the creation of detailed,
spatially explicit ecological risk profiles of APIs in a trans-
boundary (sub‐)catchment under 2 different seasonal scenarios.
The exceedance of the acceptable ecological risk threshold
in the Vecht River was found to be mainly driven by
17α‐ethinylestradiol, diclofenac, and carbamazepine. These
substances are among the most consumed APIs in The Neth-
erlands. 17α‐Ethinylestradiol predominantly contributed to the

FIGURE 9: Risk index along the Vecht River main stream under typical dry summer (orange) and average weather (red) conditions. Eight phar-
maceutical active ingredients are integrated in the risk indices depicted. Dashed vertical line demarks the German–Dutch border. Solid vertical lines
depict sewage treatment plants (gray) and tributary confluences (turquoise).
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aggregated risk profile and systematically exceeded the PNEC
by at least one order of magnitude. This substance is the API
with the twenty‐third highest DDD and has seen a 4% increase
from 2018 to 2019 (Dutch National Health Care Institute 2020).
This prospect emphasizes the need for better pharmaceutical
emission reduction strategies (e.g., wastewater treatment
technology, hotspot analysis, and preventive health care) and
continue to monitor its use and presence in surface waters
(Government of The Netherlands 2019), including the Vecht
River. The present study suggests that the Vecht River catch-
ment is vulnerable to pharmaceutical pollution, with 26 to 98%
of its surface waters and 24 to 53% of its length under poten-
tially unacceptable ecological risk (RQ> 1), particularly during a
dry summer season. European regulation demands that na-
tional and regional authorities take action in securing water
bodies' good status. To this end, the present study demon-
strated the value of tailor‐made regional models and the con-
tinuous revision of ecotoxicological information. Furthermore,
it highlighted the importance of assessing off‐site risks of
pharmaceutical emissions using (sub‐)catchment modeling
across national borders, therefore emphasizing the imperative
for international cooperation. Ultimately, these results should
encourage further cross‐boundary action and initiative from
local authorities to comply with environmental standards
via feasible and locally relevant risk‐management strategies.
Otherwise, risk reduction implementations in international river
networks may not be sufficiently effective.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at https://doi.org/10.1002/etc.5062.
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